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Forest restoration in a mixed-ownership landscape
under climate change
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2The Nature Conservancy in Minnesota, 394 Lake Avenue S., Duluth, Minnesota 55802 USA
Abstract. The extent to which current landscapes deviate from the historical range of
natural variability (RNV) is a common means of deﬁning and ranking regional conservation
targets. However, climate-induced shifts in forest composition may render obsolete restoration
strategies and conservation targets based on historic climate conditions and disturbance
regimes. We used a spatially explicit forest ecosystem model, LANDIS-II, to simulate the
interaction of climate change and forest management in northeastern Minnesota, USA. We
assessed the relevance of restoration strategies and conservation targets based on the RNV in
the context of future climate change. Three climate scenarios (no climate change, low
emissions, and high emissions) were simulated with three forest management scenarios: no
harvest, current management, and a restoration-based approach where harvest activity
mimicked the frequency, severity, and size distribution of historic natural disturbance regimes.
Under climate change there was a trend toward homogenization of forest conditions due to
the widespread expansion of systems dominated by maple (Acer spp.). White spruce (Picea
glauca), balsam ﬁr (Abies balsamea), and paper birch (Betula papyrifera) were extirpated from
the landscape irrespective of management activity; additional losses of black spruce (P.
mariana), red pine (Pinus resinosa), and jack pine (P. banksiana) were projected in the high-
emissions scenario. In the restoration management scenario, retention and conversion to white
pine (P. strobus) restricted maple expansion. But, widespread forest loss in the restoration
scenario under high-emissions projections illustrates the potential pitfalls of implementing an
RNV management approach in a system that is not compositionally similar to the historic
reference condition. Given the uncertainty associated with climate change, ensuring a diversity
of species and conditions within forested landscapes may be the most effective means of
ensuring the future resistance of ecosystems to climate-induced declines in productivity.
Key words: climate change; desired conditions; forest ecosystem model, LANDIS-II; forest
management; historical variability; Minnesota (USA); range of natural variability (RNV); restoration;
species migration.
INTRODUCTION
Historic landscape reconstructions are often used to
deﬁne a reference condition from which to assess the
magnitude of change under intensive human inﬂuence
(Landres et al. 1999). The extent to which the current
landscape deviates from the historical (‘‘natural’’) range
of variability (RNV) is a common means of deﬁning and
ranking regional conservation targets (Landres et al.
1999, Swetnam et al. 1999). However, climate-induced
shifts in forest composition may render obsolete
restoration strategies and conservation targets based
on historic climate conditions and disturbance regimes.
The relevance of the RNV to any future period is based
on the assumption of climate stability throughout the
two periods (Millar and Woolfenden 1999). If climate
changes as projected, this assumption will be violated,
leading to potential inaccuracies in applied management
(Millar and Woolfenden 1999) and unrealistic conser-
vation targets.
Climate-induced compositional shifts are predicted to
be most rapid and evident at abrupt transitions between
current biomes (Neilson 1993, Noble 1993, Pitelka 1997,
Allen and Breshears 1998). Forests in northeastern
Minnesota, USA, encompass the temperate/boreal forest
transition, which is projected to be particularly sensitive
to climate change (Pastor and Post 1988). Results from
an equilibrium biogeography model (Mapped Atmo-
sphere-Plant-Soil System [MAPSS]; Neilson 1995) and a
dynamic global vegetation model (MC1) suggest a loss of
conifer forest in northeastern Minnesota with a corre-
sponding increase in mixed temperate forest under
climate change (Bachelet et al. 2001).
Niche-based projections of eastern U.S. tree species
range shifts in response to climate change predict a
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substantial loss of suitable climatic envelopes for spruce
(Picea spp.), balsam ﬁr (Abies balsamea), aspen (Populus
spp.), and paper birch (Betula papyrifera) and expansion
of suitable niche space for maple (Acer spp.), oak
(Quercus spp.), and hickory (Carya spp.) in northeastern
Minnesota (Iverson and Prasad 1998, 2001, Prasad et al.
2006, Schwartz et al. 2006). Similar shifts were predicted
in the mixed hardwood to conifer transition in northern
Europe using a mechanistic bioclimatic model (Sykes
and Prentice 1996). Niche-based statistical models use
environmental parameters to estimate a species climatic
envelope. An underlying assumption is that this niche
space will be maintained under climate change. In
contrast, mechanistic bioclimatic models offer predic-
tions of species range shifts based on species physiolog-
ical tolerance to environmental factors and assume that
tolerance limits will be unaltered under climate change.
Species have individualistic responses to climate as
well as migration rates, which may result in novel or
disparate species assemblages in future climates (Hobbs
et al. 2006, Williams and Jackson 2007). Shifts in the
realized climatic niche between native and nonnative
ranges of invasive species highlight the importance of
biotic drivers as determinants of species distributions
(Broennimann et al. 2007). For example, release from
biotic constraints due to the absence of competitors,
herbivores, or pathogens following range expansion
under climate change could alter a species realized niche.
On a longer timescale, adaptive evolution in response to
climate change (Bradshaw and Holzapfel 2006) could
alter a species fundamental niche space directly; or
indirectly if interspeciﬁc dynamics were modiﬁed as a
result.
Species characteristics such as seed dispersal limita-
tion (Davis 1989) and regional niche variation (Hampe
2004, Hampe and Petit 2005, Murphy and Lovett-Doust
2007) combined with fragmentation (Scheller and
Mladenoff 2008) and other disturbance processes
(Scheller and Mladenoff 2005) will likely affect the
response of species to climate change. Furthermore,
climate change could alter ecosystem process rates such
as productivity, decomposition, and biomass accumula-
tion, which could inﬂuence competitive dynamics (Saxe
et al. 2001). Modiﬁed disturbance regimes including
insect and pathogen outbreaks, ﬁre, and drought could
inﬂuence or overwhelm direct effects of climate change
on ecosystem stability (Overpeck et al. 1990, Dale et al.
2001).
The spatial conﬁguration of forest ecosystems will be
an important determinant of forest response to climate
change (With 2004). Migration rates may be substan-
tially reduced due to habitat loss and fragmentation
(Collingham and Huntley 2000) and will vary among
species with alternative reproductive strategies (Malan-
son and Cairns 1997). The interaction of habitat
suitability and the rate of expected climate change
threatens population survival and mobility (Davis and
Shaw 2001) as migration rates may be insufﬁcient if
climate changes as rapidly as projected (McLachlan et
al. 2005, Scheller and Mladenoff 2008).
Results from broadscale projections of species and
community response to climate change substantiate the
need to integrate the threat of climate change into
conservation strategies. But they offer little insight
regarding the relative efﬁcacy of alternative management
strategies to mitigate climatic-induced forest composi-
tional change because management is not explicitly
included. Forest management activity alters patterns of
community composition and physiognomy at landscape
scales and has the potential to either exacerbate or
reduce the effects of climate change (Franklin et al.
1991, Noss 2001, Scheller and Mladenoff 2005). For
example, species establishment is considered to be
particularly sensitive to climate change, and intensive
management during the regeneration phase could
maintain species on the landscape even if the climate is
no longer optimal (Spittlehouse and Stewart 2003).
Conversely, management practices that synchronize
forest composition and physiognomy could make the
landscape particularly vulnerable to climate-induced
shifts in composition (Millar et al. 2007).
An adaptive approach to management, in which
alternative management techniques and restoration
targets are adjusted iteratively, may be the most effective
strategy, given the uncertainties of climate change
impacts (Dale et al. 2001, Hannah et al. 2002, Spittle-
house 2005).
Conservation efforts and restoration strategies must
continue to abate current threats such as incompatible
forest management and development while incorporat-
ing the potential effects of climate change (Hannah et al.
2002). Deﬁning realistic conservation targets, and
implementing appropriate management strategies to
achieve them, require additional tools that characterize
the nature of these interactions.
Models that couple spatially interactive processes with
local population dynamics are particularly well-suited to
explore the feedbacks between climate change and a
suite of broadscale processes that control extinction risk
and community stability. Simulations of forest response
to climate change using the landscape simulation model
LANDIS demonstrate the utility of integrating climate
change scenarios and disturbance dynamics into spa-
tially explicit projections of forest composition and
productivity (He et al. 1999b, Scheller and Mladenoff
2005). Disturbance processes such as harvest and
windthrow can affect both the magnitude of composi-
tional change and the detrimental effects of seed
dispersal limitation (Scheller and Mladenoff 2005);
dispersal limitation is particularly problematic in frag-
mented landscapes (Scheller and Mladenoff 2008).
We model the interaction of climate change and forest
management in forests of northeastern Minnesota, to
evaluate the extent to which climate-induced shifts in
forest composition can be mitigated through manage-
ment activity and to assess the applicability of RNV-
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based conservation approaches in the context of future
climate change. The speciﬁc questions addressed are the
following. (1) How will forest species composition shift
under different climate change scenarios? (2) Do alterna-
tive forest management strategies change trajectories of
climate-induced shifts in species composition? (3) Are
conservation targets and restoration strategies based on
the RNV relevant given the magnitude of compositional
shifts predicted under future climate change?
STUDY REGION
The study landscape in northeastern Minnesota
(USA) comprises 2 3 106 ha in the transition zone
between temperate and boreal forests and encompasses
much of the regional variability in physical and edaphic
environments. Aspen (Populus tremuloides) and north-
ern hardwood–conifer forests dominated by sugar maple
(Acer saccharum), with yellow birch (Betula alleghanien-
sis), red maple (Acer rubrum), and basswood (Tilia
americana), predominate in mesic uplands and are
interspersed with productive lowland forest of black
ash (Fraxinus nigra) and white cedar (Thuja occidenta-
lis), and unproductive lowland forest of black spruce
(Picea mariana; see Fig. 1). Forests dominated by red,
white, and jack pine (Pinus resinosa, P. strobus, P.
banksiana) constitute a small proportion of the land-
scape (Fig. 1). Fire-dependent jack pine is prevalent on
well-drained, coarse-textured, and thin soils over bed-
rock. Red pine is more common on slightly less xeric
sites such as sandy moraines. White pine, the least
specialized of the pine species, occupies a wider range of
sites and drainage conditions.
This forest landscape is largely unfragmented, but
management and conservation are challenged by mixed
ownership: 67% of the landscape is under public
ownership; 28% is in private nonindustrial holdings;
and 3.3% of the landscape is under private industrial
ownership (Fig. 2). There is substantial variation in
forest management practices across the region due to
differences in management objectives among landown-
FIG. 1. Map of study area and dominant cover types estimated from a 1995 satellite vegetation classiﬁcation (Wolter and White
2002). The study region (shown in red in inset) is located in northeastern Minnesota, USA.
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ers. For example, intensively managed private industrial
forests contrast with the Boundary Waters Canoe Area
(BWCA), a wilderness area within the Superior National
Forest that is not harvested (Hall et al. 1991).
A reference condition based on estimates of historic
forest composition (middle to late 1800s) derived from
an analysis of U.S. General Land Ofﬁce (GLO) bearing
tree data (White 2001a, b) forms the basis for regional
forest-level conservation targets. Current species com-
position, age class distributions, and landscape structure
deviate signiﬁcantly from the reference condition (Fre-
lich 1999, 2000, White and Host 2000, Friedman and
Reich 2005). Land use change and alteration of the
natural disturbance regime combined with intensive
management practices following Euro-American settle-
ment in the late 19th to early 20th centuries have
reduced the abundance of old-growth conifer and
hardwoods, with a concomitant increase in the propor-
tion of early successional, second-growth forests (Fried-
man et al. 2001, Friedman and Reich 2005), similar to
trends visible across the region (Schulte et al. 2007).
Outside of wilderness areas timber harvest has replaced
ﬁre and windthrow as the dominant disturbance. Fire
suppression and intensive harvesting have been suggest-
ed as the primary reasons for a substantial loss in red
pine, white pine, and jack pine across the entire region
(Heinselman 1973, 1981, 1996, Scheller et al. 2005).
A RNV-based approach to management seeks to
develop a landscape more representative of reference
conditions by restoring natural disturbance regimes
(Baker 1992, 1994) or implementing management
options that mimic these processes (Bergeron and
Harvey 1997, Aber et al. 2000, Kuuluvainen 2002,
Jogiste et al. 2007). Successful strategies reduce com-
pound threats to ecosystem stability with the ultimate
goal of restoring or maintaining species and communities
to reﬂect historic proportions. The spatial distribution of
the seven ecological land units derived from associations
between sample vegetation data and soil, landform, and
climate patterns (White and Host 2000) provides a useful
context to evaluate the ecological potential of RNV-
based restoration targets in the study region (Fig. 3).
Regional restoration priorities include: (1) increasing the
abundance of red and white pine in mesic and dry–mesic
white pine–red pine land units, (2) increasing jack pine in
dry–mesic jack pine–black spruce land units, (3) increas-
ing the proportion of mesic birch–aspen–spruce–ﬁr,
boreal hardwood–conifer, and hardwood–conifer land
units in later vegetation growth stages.
METHODS
Model description
We simulated the interaction of climate change and
forest management in northeastern Minnesota using
FIG. 2. Map of ownership types that represent separate management units in current management scenarios. Carlton, Itasca,
and Cook Counties, and Chippewa tribal lands lacked detailed management information and were grouped with larger
management units based on location and known associations between management agencies (Table 4). Key to abbreviations:
MN DNR, Minnesota Department of Natural Resources; USFS, United States Forest Service.
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LANDIS-II. LANDIS is a spatially explicit, interactive
landscape simulation model that simulates successional
dynamics, windthrow, harvest, ﬁre, and seed dispersal
(Mladenoff et al. 1996, He et al. 1999a, Mladenoff and
He 1999). The LANDIS-II enhancements incorporate
ecosystem processes such as biomass accumulation and
decomposition (Scheller and Mladenoff 2004, Scheller et
al. 2007). The landscape is represented as a grid of
interacting cells; each cell exists within an ecoregion
assumed to have homogeneous climate and soil proper-
ties. Multiple species–age cohorts can exist in a given
cell, and each cell contains relevant species biomass and
age information. Mortality of cohorts can occur as a
result of disturbance events such as wind, harvest, and
ﬁre; regimes can be simulated with varying intensity and
frequency across the landscape. A cell can serve as a seed
source if occupied by mature–age cohorts. The proba-
bility of seed dispersal declines exponentially with
distance from the source cell. Ninety-ﬁve percent of
the probability is assigned to the effective dispersal
distance of a species and 5% is assigned to the maximum
dispersal distance of a species (cf. Clark et al. 1998,
Ward et al. 2004).
Experimental design
We simulated nine scenarios of climate change and
forest management for 200 years, beginning in the year
1995. All scenarios were simulated at ﬁve-year time steps
with a cell size of 142.5 m 3 142.5 m. The temporal
resolution of LANDIS-II is ﬂexible and user speciﬁed
(Scheller et al. 2007). A ﬁve-year time step incorporated
climate variability at a reasonable temporal resolution
while also allowing a simulation length of 200 years as
computational load increases with the number of time
steps. The ﬁrst climate scenario assumed continuation of
current climate conditions. Data from the third Hadley
Climate Centre general circulation model (HADCM3)
under high (A2) and low (B2) emissions projections were
used to create two climate change scenarios. Emissions
scenarios were selected to encapsulate the range of
uncertainty in emissions projections. HADCM3 was
selected as monthly temperature and precipitation
output from the control model run for the time period
1971–2000 was closer to Parameter-elevation Regres-
sions on Independent Slopes Model (hereafter, PRISM)
30-year normals (Daly et al. 1994) than output from the
National Centre for Atmospheric Research (NCAR-
PCM). Climate scenarios were simulated with three
different forest management scenarios: no harvest,
continuation of current management, and a restora-
tion-based management approach.
We simulated 24 species, 20 of which are common in
the region (Table 1). We included four species that are
currently uncommon or not present in the study area:
FIG. 3. Map of the spatial distribution of seven ecological land units derived from associations between sample vegetation data
and soil, landform, and climate patterns (White and Host 2000). Each ecological land unit is a separate management unit in
restoration management scenarios.
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bitternut hickory (Carya cordiformis), white ash (Frax-
inus americana), northern pin oak (Quercus ellipsoidalis),
and white oak (Quercus alba). These species are likely to
expand into the region within 100 years under climate
change based on two criteria: effective dispersal distance
and distance between the southern boundary of the
study area and the northern range limit of a species
estimated from a digitized version of range maps
originally compiled by Little (Little 1971, Prasad and
Iverson 2003). We simulated northern range expansion
by planting these four species in 1% of the southern
portion of the study area for 10 years beginning in 2065.
The main purpose of the planting routine was to
establish these species in the study region. Planting
was restricted to a 10-year period so we could assess the
natural rate of expansion of these species once
established in the region.
Initial forest composition and age input map
An initial vegetation map with species–age cohort
information was compiled from numerous sources. A
Landsat forest classiﬁcation was used to generate a map
of dominant cover type (Fig. 1; Wolter et al. 1995,
Wolter and White 2002). Recent age classes, up to 15
years, were assigned using change transition maps where
conversions from forested to non-forested are identiﬁed
based on differences in pixel reﬂectance of Landsat
satellite data, available in sequential ﬁve-year intervals
from 1986 to 2001 (Wolter and White 2002). Data from
the Minnesota Department of Natural Resources
(DNR) common stand inventory (CSI) of DNR,
County and Federal lands for the Drift and Lake Plains
and Northern Superior Uplands, were used to assign
ages for stands older than 15 years. CSI data were only
used if the main cover type in the inventory matched
that of the Landsat classiﬁcation (18% of study region).
For the remaining 78% of the study region, ages were
assigned from age class distributions calculated for each
main cover type using U.S. Forest Service Forest
Inventory and Analysis (FIA) data, following He et al.
[1998]. FIA data were also used to assign secondary and
subcanopy species–age cohorts based on dominant cover
type (He et al. 1998).
Climate data
For our control climate scenario, we compiled the
mean and standard deviation of temperature and
precipitation data from PRISM 30-year (1971–2000)
normals, available at 4-km resolution (Daly et al. 1994).
Monthly temperature and precipitation projections
from the HADCM3 under IPCC high (A2) and low
(B2) emissions scenarios, available at one-year time
steps from 1995 to 2095, were used for the two climate
change scenarios (Fig. 4). In the last 100 years of the
TABLE 1. Life history attributes, percentage foliar nitrogen, and maximum leaf mass area (LMA) for 20 tree species simulated in
northeastern Minnesota, USA.
Species
Max. age
(yr)
Min. seeding
age (yr) Shade tolerance
Effective seeding
distance (m)
American elm (Ulmus americana) 75 20 4 90
Aspen (Populus tremuloides) 90 15 1 500
Balsam ﬁr (Abies balsamea) 100. 25 5 30
Basswood (Tilia americana) 250 15 4 75
Big-toothed Aspen (Populus grandifolia) 90 20 1 500
Bitternut hickory (Carya cordiformis) 300 30 3 30
Black ash (Fraxinus nigra) 150 30 1 200
Black cherry (Prunus serotina) 200 20 3 30
Black spruce (Picea mariana) 200 30 4 79
Bur oak (Quercus macrocarpa) 300 30 2 40
Green ash (Fraxinus pennsylvanica) 150 30 2 100
Jack pine (Pinus banksiana) 120 10 1 30
Red oak (Quercus rubra) 250 25 2 40
Pin oak (Quercus ellipsoidalis) 200 35 2 40
Paper birch (Betula papyrifera) 100 20 2 200
Red maple (Acer rubrum) 150 10 4 100
Red pine (Pinus resinosa) 250 15 2 100
Sugar maple (Acer saccharum) 250 40 5 100
White ash (Fraxinus americana) 200 30 4 70
White cedar (Thuja occidentalis) 350 30 2 45
White oak (Quercus alba) 400 40 3 40
White pine (Pinus strobus) 350 15 3 100
White spruce (Picea glauca) 120 25 3 30
Yellow birch (Betula alleghaniensis) 300 40 4 100
Note: Sources are indicated by superscripts: (1) Fownes 1985, (2) Jurik 1986, (3) Blinn and Buckner 1989, (4) Reich et al. 1995,
(5) Bolster 1996, (6) Martin and Aber 1997, (7) Green 1998, (8) Smith and Martin 2001, (9) Green et al. 2003, (10) Bolstad et al.
2004, (11) Scheller and Mladenoff 2004, (12) Lee et al. 2005, (13) Royer et al. 2005, (14) Scheller and Mladenoff 2005.
 Shade tolerance is an ordinal scale: 1 (least shade tolerant) to 5 (most tolerant) (Baker 1949).
Maximum age of balsam ﬁr reduced from 200 years to account for spruce budworm incidence.
§ Estimated from white ash (Fraxinus americana).
} Estimated from white spruce (Picea glauca).
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simulation, mean temperature and precipitation values
were held at the 10-year (2090–2100) average. In control
climate scenarios and in the last 100 years of climate
change scenarios, climate variability was incorporated
via the standard deviation of temperature and precip-
itation. The A2 emissions scenario is the most extreme,
with mean summer temperature in northeastern Min-
nesota projected to increase 6.98C by 2100 (Fig. 4). The
B2 emissions scenario was selected to represent the
lower range of emissions scenarios with a projected
increase in mean summer temperature of 3.78C by 2100
(Fig. 4). There are no substantial changes in total
precipitation projected in either scenario (Fig. 4).
However, there are differences in seasonality. In par-
ticular, a greater proportion of precipitation falls as rain
instead of snow. The inﬂuence of higher temperatures
on the timing and duration of snowmelt is not
considered in this study.
Climate change scenarios used the PRISM 30-year
normals for the year 1995 and a ﬁve-year mean of the
HADCM3 data for each subsequent ﬁve-year time step
(e.g., climate at 2020 was calculated as the mean of years
2018–2022). In order to correct for global circulation
model (GCM) projection error (deviation between
observed and predicted values for current climate;
Jenkins et al. 2000), temperature, precipitation, and
solar surface irradiance were calculated as the predicted
change from 1995 using a standard delta method.
HADCM3 data, output at a resolution of 2.58 latitude
and 3.758 longitude, was downscaled to 4 km resolution
by adding projected changes to maps of PRISM
normals.
Species establishment and growth
The study area was divided into 26 ecoregions based
on STATSGO (STATSGO 1994) map unit identiﬁers
(MUIDS; median size 61 882 ha, range from 1314 ha to
310 000 ha). Mean soil carbon, ﬁeld capacity, and
wilting point for each ecoregion were derived from the
STATSGO database (Saxton et al. 1986, STATSGO
1994). Monthly temperature and precipitation data were
averaged for each ecoregion. As a requisite model with
linked disturbance, succession, and soil dynamics is not
currently available, we assumed that soil water-holding
capacity, carbon, and nitrogen were constant over time.
Soil carbon and nitrogen are signiﬁcantly less variable
over time relative to forest management (Johnson and
Curtis 2001), the dominant disturbance in the landscape.
Species probability of establishment and maximum
net primary productivity are required model inputs that
vary spatially due to ecoregional variation in soils and
climate, and temporally due to interannual climatic
variation and climate change. Species establishment at a
given site is dependent on light conditions, availability of
propagules, and the establishment probability (Pest),
which is based on species characteristics and the
environmental attributes of the ecoregion, including soil
TABLE 1. Extended.
Max. seeding
distance (m)
Foliar
nitrogen (%) Max. LMA (g/m2)
400 2.00(11,13) 62(13)
1000 2.50(14) 91(4,10,13)
160 1.56(14) 204(14)
150 2.40(1,5,6,8,13) 57(10,13)
1000 2.30(5,13) 86(2,13)
1000 2.30(14) 111(14)
2000 2.11(3) 76§
3000 2.70(14) 101(14)
158 1.21(4) 286}
1000 2.30(14) 88(14)
300 2.13(3) 76
100 1.24(4) 244(4,7)
1000 2.18(1,4–5,6,8,10,12) 93(1–2,4,8,12–13)
1000 2.30(14) 54(14)
5000 2.30(14) 74(2,8,13)
1000 1.75(1,4–6,8,10,12–13) 62(2,4,8,12–13)
275 1.35(4–7) 250(4)
200 1.86(1,4,6–8,10,13) 60(2,4,10,13)
200 2.10(14) 76(14)
60 1.30(14) 222(14)
1000 2.50(14) 88(14)
250 1.70(11) 175(11)
200 1.34(11) 286(11)
400 2.40(14) 66(14)
FIG. 4. Mean July temperature and annual total precipita-
tion projections for 1995–2095 based on data from the third
Hadley Climate Centre general circulation model (HADCM3)
under low (B2) and high (A2) emissions projections. The
PRISM 30-year average (1971–2000; dashed black line) was
used for year 1995 in all climate scenarios. In climate change
scenarios, temperature and precipitation were calculated as the
predicted change from 1995 at a ﬁve-year time step (e.g.,
climate at 2020 was calculated as the mean of years 2018–2022).
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nitrogen (Mg/ha), soil water availability (cm), and
monthly climate data (mean and standard deviation of
temperature and precipitation). The generalized ecosys-
tem process model, PnET-II (Aber and Federer 1992)
was used to calculate species-speciﬁc maximum ANPP
(ANPPmax) for each ecoregion. ANPPmax is necessary to
parameterize LANDIS-II biomass succession and can be
estimated from a variety of sources including FIA data,
gap models, and ecosystem process models (see Scheller
and Mladenoff [2004] for a review). We chose to use
PnET-II to calculate ANPPmax, rather than estimating it
empirically, as PnET-II incorporates changes in climate
into calculations of ANPPmax. PnET-II requires soil
water holding capacity and monthly temperature,
precipitation, and solar surface irradiance (SSI), as well
as species parameters (i.e., percentage foliar nitrogen,
and maximum leaf mass area; Table 1). To reﬂect
climate variability, ANPPmax and Pest were calculated at
each ﬁve-year time step using mean monthly climate
values plus the product of the standard deviation and a
random number generated from a zero-centered normal
distribution. Although soil water holding capacity was
held constant, soil water availability varied with
monthly precipitation values that are required inputs
into calculations of ANPPmax and Pest. Therefore,
ANPPmax and Pest reﬂect differences in the seasonality
of precipitation under climate change.
Management
In the current management scenarios, management
units were based on ownership (Fig. 2). Carlton, Itasca,
and Lake Counties, and Chippewa tribal lands (Chip-
pewa) lacked detailed management information and
were grouped with larger management units based on
known associations between management agencies, such
as geographic proximity, agency type, and management
approach (Table 2). Combined, these four ownership
types comprise ,2.7% of the forested landscape and,
similar to larger land management agencies, have based
their management plans on goals and strategies outlined
by the Minnesota Forest Resources Council (MFRC
2003).
For the major land management agencies (United
States Forest Service, Minnesota Department of Natural
Resources, St. Louis County, and Lake County) harvest
prescriptions and rotation periods were based on
ownership-speciﬁc management documentation (Table
2). Rotation estimates and patch size distributions for
private nonindustrial forests (PNIF) and private indus-
trial forests (PIF) were derived from Landsat change
data (Wolter and White 2002) and surveys of timber
harvest practices in Minnesota (Puettmann and Ek 1999;
Table 2). Private nonindustrial forest was modeled using
a mean patch size of ﬁve hectares (range 2.5–50 ha). A
mean patch size of ;25 ha (range 2.5–250 ha) was used
for all other ownership types.
There were four harvest prescriptions in the current
management scenario: clearcut, clearcut with reserves,
shelterwood, and group selection (Table 2). Clearcut
prescriptions removed all species cohorts. Retention of
mature white pine, white spruce, and white cedar
occurred in extended rotation clearcuts. Shelterwood
cuts consisted of two entries. In the ﬁrst entry, 85% of
cohorts were removed and a subset of cohorts in older
age classes was retained. The second entry occurred 15–
20 years later, depending on the cover type, and the
remainder of the original cohorts were removed. In
group selection cuts, 20% of cohorts were removed and
mature age classes were targeted; harvest activity
occurred in small patches (5–20 ha) and was restricted
to 30% of stand area.
In the restoration management scenario, management
units were based on ecological land units (Fig. 3).
Compositional targets for each ecological land unit were
derived from estimates of historic forest composition
(middle to late 1800s) based on an analysis of General
Land Ofﬁce (GLO) bearing tree data (White 2001a, b).
In the restoration scenario, harvest activity was based on
TABLE 2. Harvest prescriptions for the current management scenario with ownership-speciﬁc rotation periods for even-aged
management and entry intervals for uneven-aged management.
Cover type Treatment
Rotation period (yr)
DNR–NSH DNR–BL USFS PNIF PIF StL Lake TNC
Aspen clearcut 53/73 53/73 64 140 40 55 53
Black spruce clearcut 135 135 115 170 95 90 90
Jack pine clearcut 70 70 70 60 40 70 70 75
Oak shelterwood 110 110 120 120 75 90 90 140
Red pine clearcut 120 120 120 100 80 120 120 140
Spruce–ﬁr clearcut 75 90 80 100 75 70 70
Northern hardwoods uneven-aged 18 25 20
shelterwood 170 75
clearcut 120 120
Notes: If two rotation periods are listed for the same entry, a portion of that treatment is managed on an extended rotation. Key
to abbreviations: DNR–NSH, DNR North Shore Highlands (Lake County); DNR–BL, DNR Border Lakes; USFS, United States
Forest Service (Chippewa tribal lands); PNIF, private nonindustrial forest; PIF, private industrial forest; StL, St. Louis County
(Itasca and Carlton Counties); Lake, Lake County; TNC, The Nature Conservancy. Entities in parentheses have no management
documentation; these ownership types were grouped with the ownership type indicated.
Managed on an extended rotation with reserves.
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the frequency, severity, and size distribution of historic
wind and ﬁre regimes (Baker 1992). Disturbance patch
size distributions were derived from historic air photo
analysis (White and Host 2008). Windthrow rotation
periods were estimated from the Minnesota Native Plant
Community data (Minnesota DNR 2003; Table 3). Fire
rotation periods for each ecological land unit were
derived from a study of pre-European settlement
disturbance patterns using General Land Ofﬁce survey
data (White and Host 2008; Table 3).
Harvest prescriptions in the restoration scenario were
parameterized to four natural disturbance regimes:
stand replacing ﬁre, moderate surface ﬁre, catastrophic
windthrow, and moderate windthrow. Harvest prescrip-
tions modeled after catastrophic windthrow removed all
species cohorts and affected 60–90% of the stand.
Patchy windthrow harvest prescriptions affected 70–
90% of a stand and removed 50% of cohorts that were
older than 60% of the species maximum longevity. In
moderate ﬁre prescriptions, harvest rules reﬂected
species ﬁre tolerance and cohort age. If the ﬁre tolerance
value of a species was less than 3 (intolerant of ﬁre;
classes range 1–5), all cohorts of that species were
harvested. If ﬁre tolerance was greater than 3 (ﬁre
tolerant), cohorts younger than 50% of maximum
longevity were harvested. If ﬁre tolerance was 3 (mid
tolerant), cohorts were retained if they were older than
75% of the species maximum longevity. In the stand-
replacing ﬁre prescription the stand was clearcut.
Management activity on two preserves owned by The
Nature Conservancy (TNC; Fig. 2) was the same in both
active management scenarios. Every ﬁve years ;50
hectares (1.3% of total holding) were planted with white
pine, spruce, and cedar. Planting prescriptions targeted
red pine and jack pine stands, with some underplanting
in mature northern hardwoods.
Wind and ﬁre
Although harvest is the dominant disturbance, the
landscape is still inﬂuenced by wind and ﬁre. The
average rotation period for light-scale and moderate-
scale wind events (1–60% canopy removal) and heavy
windthrow (.60% canopy removal) is ;116 years and
1200 years, respectively, based on Minnesota Native
Plant Community data (Minnesota DNR 2003). The
total wind regime (including light, moderate, and heavy
windthrow) had an average rotation period of ;145
years. The ﬁre regime, derived from ﬁre disturbance
mapping from 24 aerial photography plots (1990–1998)
distributed across the study region, had a mean return
interval of ;1500 years (White and Host 2008), which
reﬂects active ﬁre suppression that has occurred across
the landscape following European settlement. Wind and
ﬁre regimes were designated for the entire landscape and
did not vary among scenarios.
DATA ANALYSIS
To assess within-scenario stochastic variation due to
the random location and timing of disturbance events,
each scenario was replicated ﬁve times with a different
random number of seeds. For the nine scenarios
considered, variance in forest composition among
TABLE 3. Harvest rotation periods and patch size distributions in the restoration management scenario, under wind-based or ﬁre-
based harvest prescriptions.
A) Wind-based harvest prescriptions:
Cover type
Patchy windthrow Catastrophic windthrow
Rotation
period (yr)
Patch size range/
mean (ha)
Rotation
period (yr)
Patch size range/
mean (ha)
Hardwood–conifer 130 2.5–500/30 .1000 2.5–500/50
Mesic white pine–red pine 50–75 2.5–2500/30 1170 2.5–2500/100
Dry–mesic white pine–red pine 50–75 2.5–2500/30 610 2.5–2500/100
Lowland conifer 145 2.5–2500/30 1500 2.5–2500/100
Mesic birch–aspen–spruce–ﬁr 145 2.5–2500/30 1500 2.5–2500/100
Dry–mesic jack pine–black spruce 145 2.5–2500/30 1500 2.5–2500/100
Boreal hardwood–conifer 160 2.5–500/30 960 2.5–500/50
B) Fire-based harvest prescriptions:
Moderate surface ﬁre Stand-regenerating ﬁre
Rotation
period (yr)
Patch size range/
mean (ha)
Rotation
period (yr)
Patch size range/
mean (ha)
Hardwood–conifer 160–300 2.5–500/50 .1000 2.5–500/50
Mesic white pine–red pine 50–75 2.5–2500/50 220 2.5–500/200
Dry–mesic white pine–red pine 50–75 2.5–2500/50 170 2.5–500/200
Lowland conifer 2000 2.5–2500/50 2000 2.5–500/200
Mesic birch–aspen–spruce–ﬁr 260 2.5–2500/50 220 2.5–500/200
Dry–mesic jack pine–black spruce 75 2.5–2500/50 220 2.5–500/200
Boreal hardwood–conifer 160 2.5–500/50 430 2.5–500/50
Note: The Methods: Management section describes the way in which harvest regimes based on these data were implemented in
the restoration scenario.
 The range of patch sizes (ha) is listed ﬁrst, followed by mean patch size (ha).
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replicate runs was ,3% for all ecotypes. Therefore one
replicate from each scenario was randomly selected for
further analysis. We chose to use output in the ﬁnal
simulation year (2195) in our analysis as a 200-year
period allows several iterations of harvest prescriptions.
Given rotation periods for even-aged management of
40–140 years (Table 2), the cumulative effects of forest
management activity across the landscape would not be
fully realized if a shorter simulation period was
considered.
We calculated total landscape dominance for seven
forest cover types in the ﬁnal simulation year (2195).
Maps of dominant forest cover and maximum age were
generated to assess spatial and temporal variation in the
nine scenarios considered. Forest composition in each
ecological land unit in the ﬁnal simulation year (2195)
was compared to restoration targets derived from
estimates of historic forest composition (middle to late
1800s; White 2001a, b).
We combined forest cover maps at year 2195 to assess
changes in forest composition among management and
climate treatments. We mapped cover type changes for
three broad forest types (hardwoods, pine, and aspen)
for nine climate and management treatment combina-
tions including differences among climate scenarios for
each active management scenario (six scenario combi-
nations) and differences among active management
treatments for each climate scenario (three scenario
combinations). For each cover type, we mapped four
change categories: no change, loss, gain, and not present
in either scenario. We also calculated the total propor-
tion of the landscape in each change category for each
forest type.
Differences in species biomass among scenarios and
through time were evaluated using nonmetric multidi-
mensional scaling (NMDS), with a relative Sørensen’s
distance metric (PC-ORD version 5.0; McCune and
Mefford 1999). NMDS is a distance-based ordination
technique that maximizes rank-order correlations be-
tween community dissimilarity and distance in ordina-
tion space (McCune and Grace 2002). Species biomass
was selected as the response variable as it provides the
most detailed output and thus captures the range of
variation in species response to different climate and
management treatments. Each observation in the data
matrix represents average species biomass for a unique
combination of simulation year (1995 or 2195), scenario,
and ecotype (matrix dimensions of 70 observations3 24
species). Treating each scenario and ecotype as a
separate observation allowed us to assess the relative
inﬂuence of management and climate treatments on
community composition and to determine if treatment
effects were consistent among ecotypes. Dissimilarity in
the distribution of species biomass among observations
is correlated with distance in ordination space. For
example, ecotypes with similar species biomass are
closer together, while those that are more dissimilar
are farther apart. Species scores were plotted simulta-
neously with observation scores. Species scores are
calculated as the weighted average of observation scores
and represent the central tendencies of each species with
respect to the ordination axes.
RESULTS
Species composition
Maps of forest type at the end of the 200-year
simulation reveal differences in forest composition and
spatial variation among the nine climate and manage-
ment treatment combinations (Fig. 5). In our control
climate scenarios the relative abundance of aspen was
higher under current management, whereas later suc-
cessional birch, spruce, and ﬁr types were more
prevalent across the landscape in the restoration
scenario (Fig. 5). Regardless of management activity,
forests dominated by white spruce, balsam ﬁr, and paper
birch were functionally extirpated from the landscape
(percentage landscape dominance at or near zero) in all
climate change scenarios (Fig. 6). Due to the loss of
spruce, ﬁr, and birch, the only consistent difference
among active management scenarios under climate
change was the relative abundance of aspen and white
pine (Fig. 6). Black spruce, jack pine, red pine, and
aspen suffered substantial or complete declines in
scenarios without management but had unique respons-
es to different management and climate change combi-
nations. Black spruce, extirpated in both climate change
scenarios with current management, was retained on the
landscape in both restoration scenarios, albeit at low
levels (Fig. 6). Jack pine abundance was higher in
restoration treatments relative to current management
treatments; abundance was similar in the control climate
and low-emissions scenarios (Fig. 6). Red pine abun-
dance did not differ among active management scenar-
ios (current and restoration management treatments),
but abundance was reduced by 52% in the low-emissions
scenario as compared to the control scenario (Fig. 6).
Jack pine and red pine were extirpated in high-emissions
scenarios but the loss of jack pine on the landscape
occurred 50 years earlier than red pine, reﬂecting the
shorter longevity of jack pine. Aspen abundance was
controlled primarily by management treatment. Active
management retained aspen on the landscape in all
climate scenarios, and the relative abundance of aspen
was highest in current management scenarios irrespec-
tive of climate treatment (Fig. 6).
Maple species and white pine increased in climate
change scenarios (Fig. 6). The expansion of sugar maple
was most pronounced in climate change scenarios
without harvest, whereas less shade-tolerant red maple
increased more in climate change scenarios with active
management (Fig. 6). The magnitude of red maple
expansion under climate change was similar in both
active management scenarios (Fig. 6), but the spatial
distribution was more homogenous in current manage-
ment treatments (Fig. 5). White pine abundance, highest
in the restoration treatments, was also sensitive to
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climate treatment; abundance was highest in the high-
emissions scenario and lowest in the control climate
scenario.
Retention and planting of white pine in mesic and
dry–mesic white pine–red pine, jack pine–black spruce,
and mesic birch–aspen–spruce–ﬁr ecotypes in the
restoration management scenarios restricted red maple
expansion under climate change (Fig. 7). Regions with
limited planting and retention of white pine were more
susceptible to red maple expansion as red maple is more
shade tolerant and has a higher maximum dispersal
distance than white pine (Table 1).
Age
The percentage of forest in older age classes was
higher in all control climate scenarios relative to the
initial condition and highest in the no-harvest scenario
(Appendix A). Older age classes were more evenly
distributed across the study region in restoration
scenarios and noticeably aggregated in the Boundary
Waters Canoe Area (BWCA) in current management
scenarios (Appendix B). The BWCA and private
nonindustrial forest (PNIF) are the only two ownership
types where the percentage of older stands was higher in
the current management scenario relative to the
restoration scenarios (Appendix A). There is no
harvesting in the BWCA, and PNIF has the longest
rotation periods of all active ownership types; combined,
these two ownership categories cover 42% of the
forested landscape (Fig. 2). The Nature Conservancy
has a substantially higher proportion of age classes in
the older categories compared to all other ownership
types. For the remaining ownership types there were no
substantial differences in age class distributions among
active management scenarios (Appendix A).
Restoration targets
Species composition exhibited similar responses to
climate and management treatments in ﬁve ecotypes:
dry–mesic jack pine–black spruce, dry–mesic white
FIG. 5. Map of forest types at year 2195 for the nine scenarios. The red pine, white pine, jack pine, black spruce, and birch
(Betula papyrifera) forest types are dominated by a single species. Other forest types are grouped by associated species. Aspen:
Populus spp.; sugar maple, red maple: Acer saccharum, Acer rubrum, Betula alleghaniensis, Fraxinus spp., Tilia americana, Ulmus
americana; Spruce–ﬁr: Abies balsamea, Picea spp. Cells are reclassiﬁed to the forest type with the highest total biomass.
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pine–red pine, hardwood–conifer, mesic birch–aspen–
spruce–ﬁr, and mesic white pine–red pine (Fig. 7). In
control climate scenarios the relative abundance of
aspen, birch, and spruce–ﬁr in these ﬁve ecotypes was
strongly tied to management activity and was closest to
General Land Ofﬁce (GLO)-derived targets in the
restoration scenario (Fig. 7). In the control climate
scenario with no management, aspen abundance de-
creased with a corresponding increase in spruce–ﬁr
abundance well above GLO-derived targets (Fig. 7). The
trend was reversed in scenarios of current management
where aspen increased substantially and spruce–ﬁr
abundance was well below GLO-derived targets (Fig. 7).
The extirpation of birch, spruce, and ﬁr in climate
change scenarios was associated with an increase in
maple abundance. Without management, the abundance
of sugar maple in these ﬁve land units was, on average,
82% and 77% higher than GLO-derived restoration
targets in the low- and high-emissions scenarios,
respectively (Fig. 7). The expansion of more southerly
oak and hickory species was most evident in the boreal
hardwood–conifer system in climate change scenarios
without harvest (Fig. 7). Under climate change, oak
species had a higher growth rate than maple species due
to the southerly distribution of the boreal hardwood–
conifer ecotype. Boreal hardwood–conifer was the only
ecotype where northern hardwood abundance in climate
change scenarios without harvest was lower than the
control climate scenario (Fig. 7; 60%, 43.16%, and
53.70% above GLO levels in current climate, low-
emissions, and high-emissions scenarios, respectively).
In active management scenarios, the inﬂux of oak and
hickory was largely reduced with a corresponding
increase in northern hardwoods dominated by red
maple (Fig. 7).
Cover type changes: climate treatments
In active management scenarios, the dominant change
between control climate and climate change scenarios
was from aspen to other cover types (Table 4). This
trend occurred consistently across the entire study
region (Appendices C, D), and was higher in restoration
management climate change combinations than in
current management climate change combinations
(Table 4). Declines in aspen under climate change were
associated with increases in hardwood (Table 4). In
current management, climate change combination shifts
to hardwood were equivalent to shifts from aspen to
other (Table 4). Conversion and retention of pine in
restoration scenarios reduced transitions from aspen to
hardwood (Appendices D, E).
Cover type changes: active management treatments
In the three management treatment combinations
(difference between current and restoration management
FIG. 6. Percentage of the landscape dominated by seven cover types at year 2195 for the nine scenarios. Open or shaded bars
(white, light gray, dark gray) represent climate treatments, and patterned ﬁlls represent management treatment. Where there is no
overlying pattern, there is no harvest. For example, light gray bars with horizontal stripes represent low emissions and current
management. Non-forested sites were excluded from analysis.
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for the three climate scenarios), the dominant change in
pine was conversion of other cover types to pine (Table
4). This trend reﬂects the lower amount of pine in
current management scenarios (Fig. 6), and higher rates
of pine retention and conversion in the restoration
scenarios. The spatial distribution of pine conversion
differs among the nine change combinations (Appendi-
ces C, E). Retention of pine occurs in the north and
along Lake Superior in the current- to low-emissions
restoration scenario combination (Appendix D). In the
control- to high-emissions restoration scenario combi-
nation, pine retention is similar along the lakeshore, but
in the northern portion of the study region the dominant
change is from pine to hardwoods due to the extirpation
of jack and red pine (Appendix D).
Conversion to non-forested
In the high-emissions restoration treatment, 30% of
the landscape was classiﬁed as non-forested. Less than
5% was classiﬁed as non-forested in all other scenarios.
The extensive loss of forest in the high-emissions
restoration scenario is due to the interaction of a period
FIG. 7. Values are the difference between percentage of landscape dominance at year 2195 and restoration targets for each
ecological land unit derived from estimates of historic forest composition (middle to late 1800s), based on an analysis of General
Land Ofﬁce (GLO) bearing-tree data (White 2001a, b). A value of zero indicates that restoration targets based on GLO data have
been met for a particular cover type–ecological land unit combination. Abbreviations are: B HW, boreal hardwood–conifer; JP–BS,
jack pine–black spruce; DM WP–RP, dry–mesic white pine–red pine; HW, hardwood–conifer; B–A–S–F, mesic birch–aspen–
spruce–ﬁr; M WP–RP, mesic white pine–red pine. See Appendix F for associated data tables.
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of low productivity and establishment for both maple
species and constraints on establishment due to the large
harvest patch sizes characteristic of the restoration
scenario.
Biomass
A two-dimensional solution of nonmetric multidi-
mensional scaling (NMDS) was selected as reductions in
stress were relatively minor with additional dimensions.
Results from the ordination reveal strong gradients in
community composition in response to climate and
management treatments. Axis 2 and axis 1 capture
63.2% and 27.7% of the variation in the original dissim-
ilarity matrix, respectively (cumulative 90.9%; Fig. 8).
No-harvest scenarios had the lowest axis 1 scores and
restoration scenarios had the highest axis 1 scores,
suggesting that the ﬁrst axis is associated with manage-
ment activity. Axis 2 was associated with climatic
tolerance. Ecotypes in the high-emissions and control
climate scenarios had the lowest and highest axis 2
scores, respectively. Low axis 2 scores reﬂect increases in
the biomass of temperate species (e.g., red maple, sugar
maple) and higher scores are associated with an increase
in biomass of northerly species such as paper birch,
white spruce, and ﬁr (Fig. 8). The retention of red pine,
jack pine, and black spruce in the low-emissions
restoration treatment increased axis 2 scores slightly
(Fig. 8).
DISCUSSION
The composition of the forest types in northeastern
Minnesota will likely change dramatically under climate
change. Results indicate that white spruce, balsam ﬁr,
and paper birch will be extirpated from the region
irrespective of management activity. In the high-
emissions scenario, losses of black spruce, red pine,
and jack pine also occurred. Mesic birch–aspen–spruce–
ﬁr, and jack pine–black spruce systems will be substan-
tially altered due to the loss of northerly species and the
expansion of red and sugar maple. Current restoration
targets developed for broad forest cover types will be ill-
suited for future forest conditions under climate change.
Forest management changed trajectories of climate-
induced compositional shifts by increasing the preva-
lence of shade-intolerant species across the landscape.
Scenarios without harvest encouraged transition to late
successional cover types, and reduced forest type
diversity across the landscape due to shade exclusion.
As a consequence, without harvest activity the dominant
compositional shifts under climate change were restrict-
ed to shade-tolerant species; spruce–ﬁr was replaced by
sugar maple-dominated northern hardwoods (Fig. 5).
Shade-intolerant species such as aspen, jack pine, and
red pine declined in scenarios without management in all
climate scenarios (Fig. 6), similar to previous research
(Scheller and Mladenoff 2005, Scheller et al. 2005).
Climate-induced compositional shifts were lower in
TABLE 4. Changes in forest composition among climate and management treatments for three cover classes: aspen, pine, and
hardwood.
Cover class
Changes in cover type (% of area)
Between climate
treatments with
current management
Between climate
treatments with
restoration management
Between current
management and
restoration management
C–LE C–HE LE–HE C–LE C–HE LE–HE C LE HE
Aspen
No change 11.82 11.54 4.85 6.83 3.55 0.88 40.56 1.82 0.97
Loss 49.72 50.02 11.54 56.06 59.85 9.31 20.99 14.57 15.92
Gain 4.55 4.93 11.63 3.10 1.59 4.36 21.92 8.05 4.23
Not present 33.91 33.51 71.98 34.00 35.00 85.45 16.52 75.56 78.88
Pine
No change 3.10 1.34 2.06 6.03 4.03 6.11 1.44 2.70 1.73
Loss 5.63 7.39 7.48 8.95 11.07 15.03 7.28 6.83 5.15
Gain 6.43 5.36 4.65 14.55 13.17 11.41 13.44 17.76 15.66
Not present 84.85 85.91 85.82 70.47 71.73 67.45 77.83 72.71 77.47
Hardwood
No change 18.57 16.83 50.06 8.37 6.46 30.53 4.99 41.40 30.39
Loss 4.77 6.52 21.16 2.30 4.29 28.01 18.36 29.79 37.01
Gain 52.58 48.88 15.69 48.65 37.20 13.92 5.60 15.27 13.74
Not present 24.08 27.77 13.09 40.68 52.05 27.54 71.05 13.53 18.87
Notes: Numbers reﬂect the percentage of the study area in each change class for a given scenario combination calculated on a
cell-by-cell basis. For example, a cell classiﬁed as aspen in two treatments would be assigned ‘‘no change’’ in the aspen cover class
and ‘‘not present’’ in both pine and hardwood cover classes. The ﬁrst two sets of columns reﬂect the two climate scenarios being
compared: C, control climate; LE, low emissions; HE, high emissions. The third set reﬂects changes in cover type between current
and restoration management for the three climate scenarios. No change indicates that there is no difference in cover between the
two scenarios; loss indicates change to another cover type; gain indicates change from another cover type; not present means that
the cover type is not present in either scenario.
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scenarios with active management, as harvest activity
provided suitable sites for the establishment of early
successional species. The dominant compositional shift
under climate change was inﬂuenced by harvest activity;
less shade-tolerant red maple was more prevalent in
active management scenarios, whereas sugar maple
increased in no-management scenarios (Fig. 6).
Under current management assuming no change in
climate, community composition diverged from the
initial condition in all ecotypes (Fig. 8a). The divergence
in community composition is associated with a decrease
in aspen and an increase in spruce, ﬁr, and birch cover
types relative to the initial condition (Fig. 8b), consistent
with previous research of alternative management
regimes in the region (Mehta et al. 2004). The high
percentage of aspen in the initial landscape is a relic of
intensive management in the period following European
settlement. The relative intensity of aspen management
has declined under current management regimes. Cli-
mate treatments explained more variance in community
composition than management treatments due to
climate-induced declines in the biomass of northerly
species (balsam ﬁr, aspen, black spruce, and paper birch)
and increases in sugar and red maple biomass (Fig. 8b).
Although management treatments explained less of the
total variance in community composition, within-treat-
ment variance (i.e., divergence among ecotypes in a
given treatment) was strongly tied to management
activity (Fig. 8a). Differences in forest composition
among ecological land units were the most pronounced
in restoration management treatments (Fig. 8a). In
contrast, in current management scenarios, ecotypes
were more clustered in ordination space (Fig. 8a),
reﬂecting homogenization of forest composition across
ecotypes (Fig. 5). In the no-management scenario, forest
composition was similar in most ecotypes, with the
exception of the most southerly ecotype, boreal hard-
wood–conifer (Fig. 8a). Differences were associated with
an increase in red and sugar maple biomass in boreal
hardwood–conifer, whereas all other ecotypes were
associated with an increase in ﬁr biomass (Fig. 8b). In
climate change scenarios, boreal hardwood–conifer still
diverged from other ecotypes, but differences in
community composition were associated with an in-
crease in oak species, whereas the dominant transition
was to maple in all other ecotypes (Fig. 8b).
Results from the restoration scenario under alterna-
tive emissions projections illustrate the beneﬁts and
limitations to implementing a range of natural variabil-
ity (RNV)-based management approach (Millar and
Woolfenden 1999). Widespread forest loss in the high-
emissions restoration scenario demonstrates the poten-
tial pitfalls of implementing a RNV-based management
approach to a system that is not compositionally similar
to the historic reference condition. For example, large
clearcut prescriptions were used to mimic the historic
ﬁre regime in ﬁre-dependent systems such as jack pine–
black spruce, but prescriptions targeting ﬁre-dependent
pine species were detrimental to overall forest produc-
tivity when maple species expanded into these systems
(Fig. 5). Our projections of forest loss in the high-
emissions restoration scenario may be overestimated, as
we would expect less intensive management if produc-
tivity and establishment were substantially reduced
under climate change. Furthermore, if extensive loss of
forest occurred we would expect the expansion of forest
FIG. 8. Nonmetric multidimensional scaling ordination of mean species aboveground biomass by ecological land unit using a
Sørenson dissimilarity matrix. (a) Distribution of mean species biomass for the seven ecological land units at years 1995 and 2195.
Colors reﬂect different climate scenarios, and symbols reﬂect different management treatments. The range of variation at year 1995
(initial condition) is approximated by a black-outlined ellipse. Color-outlined ellipses approximate the range of communities for
climate and management scenarios at year 2195. The percentage of variance explained refers only to this panel. (b) Distribution of
24 tree species in ordination space. Distance reﬂects dissimilarity of relative biomass distribution across ecological land units.
Species codes are the ﬁrst two letters of the genus plus the ﬁrst two letters of the species name (Table 1). Ellipses from panel (a) are
overlaid on panel (b) as a reference. Axes are unitless.
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species not simulated (e.g., shrubs) and/or transition to
other systems such as grasslands in these regions.
The potential for active forest management to
mitigate climate-induced shifts in forest composition is
most evident in the low-emissions scenario. In the high-
emissions scenario, the forest management options
considered here become less effective at inﬂuencing the
rate of forest transition. But even under the low-
emissions scenario with purposeful, ecologically based
forest management, a trend toward homogenization of
forest conditions occurs (Fig. 5). Following the frame-
work set out in Millar et al. [2007], an adaptive approach
to forest management, which includes resilience, resis-
tance, and response options, may be the most effective
strategy, given the uncertain impacts of climate change.
The magnitude of compositional shifts projected
suggests a rather limited capacity for resilience of this
system (Ludwig et al. 1997, Chapin et al. 2007, Millar et
al. 2007) but an RNV-based management approach
could promote resistance to climate-induced expansion
of hardwoods dominated by red and sugar maple. In
mesic and dry–mesic white pine–red pine and jack pine–
black spruce ecotypes, retention and conversion to white
pine may be the most effective means of restricting red
maple expansion. Treatments to maintain or increase the
abundance of jack pine and red pine could minimize
regional species loss, particularly if targeted in the
northern portion of the study region. However, this may
not be a feasible long-term strategy, particularly if
climate changes as projected in the high-emissions
scenario. Planting these species in mixtures with white
pine may minimize the potential for climate-induced
declines in productivity, or dieback. In mesic birch–
aspen–spruce–ﬁr, short-rotation clearcuts could forestall
the loss of economically valuable cover types such as
aspen, and no-harvest management would promote
sugar maple, reducing the expansion of red maple
(Abrams 1998).
Our simulations include four species that are currently
uncommon or not present in the study area, but are
likely to expand under climate change: white ash,
northern pin oak, white oak, and bitternut hickory.
Growth rates and establishment probabilities of these
four species were comparable to other species in
scenarios of climate change. Expansion of oak and
hickory was very limited, suggesting that dispersal
limitation and disturbance may restrict northern migra-
tion rates despite the expansion of suitable niche space
for these species under climate change predicted in
previous studies (Iverson and Prasad 2001, Prasad et al.
2006). However, our ability to parameterize the timing
and magnitude of northward migration was limited.
Future work should focus on alternative management
strategies such as assisted migration of more southerly
oak species. This would allow us to determine the
sensitivity of our predictions to alternative assumptions
of the timing and magnitude of northern migration and
assess the potential inﬂuence of southerly species on
compositional shifts under climate change.
Uncertainty
The biggest sources of uncertainty in any climate
change simulation are the emissions and climate
projections. At the time of parameterization, GCM
model output was only available at the monthly time
step necessary for LANDIS-II initialization for the A2
and B2 emissions scenarios. Given these constraints, the
A2 and B2 SRES emissions scenarios were selected to
capture the range of possible emissions scenarios. Our
projections under the low-emissions scenarios may
considerably underestimate the magnitude of change as
CO2 emissions in the past few decades are more
consistent with high-emissions scenarios (Rahmstorf et
al. 2007). Future work should incorporate more
emission scenarios (using updated GCMs) recently made
available as part of the IPCC Fourth Assessment Report
(AR4; IPCC 2007). Furthermore, our estimates of forest
change may be conservative as mean climate values were
held constant after the ﬁrst 100 years in climate change
scenarios.
Our use of maximum growing degree days to
delimit species southern range limits is conservative
(Loehle 2000). If extant northern species remain for a
longer period than our projections, the expansion of
maple species could be delayed. Variation in recruit-
ment success under climate change is another source
of uncertainty. Recent work suggests that recruitment
success of species near their southern range limit is
higher under warmer springs (Iba´n˜ez et al. 2007). Our
limited understanding of seed dispersal and current
and historic tree species migration rates (Clark et al.
1998, McLachlan et al. 2005) are other potential
sources of uncertainty, both for extant species and as
related to the northern expansion of southerly
species.
Our simulations are limited by the data necessary to
parameterize many important processes. For example,
the effects of CO2 fertilization on ANPP and water use
efﬁciency are poorly understood and were not included
in our simulations. Incorporation of feedbacks among
overstory composition, disturbance, and soil carbon and
nitrogen would signiﬁcantly improve our ability to
model successional dynamics. Our simulations also did
not consider the potential confounding effects of land
use change, host-speciﬁc pathogens (Moorcroft et al.
2006), insect defoliation (Bale et al. 2002), herbivory
(Post and Pederson 2008), and modiﬁed disturbance
regimes including the frequency and intensity of ﬁre
(Dale et al. 2001). Finally, the capacity for species
adaptation and acclimation to future climates is a
signiﬁcant source of uncertainty (Jump and Penuelas
2005). As strict model validation against empirical data
(Rastetter 1996) is not possible for long-term simula-
tions, our results should not be interpreted as concrete
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predictions. Rather, they highlight the relative inﬂuence
of climate and disturbance processes on regional trends
of species composition.
CONCLUSIONS
Of all the possible changes to forests in northeastern
Minnesota, the expansion of systems dominated by
maple may prove to be the most dramatic. Although
alternative harvest practices can inﬂuence the direction
of compositional shifts, the magnitude of change has the
potential to render obsolete restoration targets devel-
oped for broad forest cover types. An RNV-based
management approach promotes a diversity of species
and conditions across the landscape and could promote
resistance to climate-induced changes in forest compo-
sition. But, efforts to reverse climate-induced shifts in
forest composition would likely be prohibitively expen-
sive and could result in undesirable consequences such
as a loss in productivity. Given the uncertainty
associated with climate change, an iterative approach
to management in which conservation targets and
alternative management techniques are tested and
reﬁned progressively may be the most effective strategy.
Restoration targets and management strategies inten-
tionally developed for uncertainty (‘‘indeterministic,’’
sensu, Millar et al. 2007), including increasing species
redundancy and buffers by introducing species over a
range of environments and promoting diverse age
classes and species mixtures to increase landscape
asynchrony may be the most effective means of ensuring
continued productivity (Millar et al. 2007). Further-
more, facilitation of species transitions may be the most
effective means of maintaining ecosystems if not at the
same location. For example, maple species may be lost
from more southern locales. Collaboration among
border states to plan for their expansion into Minnesota
would ensure that they are not regionally extirpated.
Planning for an uncertain future will require on the
ground monitoring of species establishment, growth,
and mortality rates across a range of environments,
combined with cross-border discussions and coordinat-
ed management efforts. In addition to guiding manage-
ment decisions, monitoring efforts would provide
information to elucidate some of the key uncertainties
in predicting species response to future climate change,
including recruitment success, migration rates, and the
potential for adaptation and acclimation of extant forest
types.
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